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Abstract Riparian zones are complex, dynamic
habitats that play a critical role in river ecosystem
functioning. Terrestrial invertebrates comprise much
of the diversity found in riparian habitats and facilitate
the transfer of energy between aquatic and terrestrial
systems. However, the consequences for terrestrial
invertebrates of invasion of riparian zones by invasive
non-native plants (INNP) remain poorly understood.
Responses of terrestrial macroinvertebrate morphos-
pecies to invasion by two common INNP, Fallopia
japonica (Japanese knotweed) and Impatiens glan-
dulifera (Himalayan balsam) were assessed, relative to
local environmental factors. Terrestrial invertebrates
were collected from 20 sites on low order streams in
June and August alongside data on physical attributes
and land use. Greater cover of F. japonica and I.
glandulifera cover reduced total invertebrate abun-
dance and morphospecies diversity at the individual
sample scale, whilst increasing spatial heterogeneity
of invertebrates at the site scale. Impatiens glandulif-
era reduced morphospecies diversity at the site scale
with increasing cover, but this was not observed for F.
japonica. INNP affected terrestrial invertebrate mor-
phospecies abundance and diversity, to a greater
extent than prevailing environmental conditions. Our
findings therefore offer support for managing riparian
plant invasions to improve habitat heterogeneity,
restore terrestrial invertebrate diversity and repair
aquatic-terrestrial linkages.
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Introduction
Terrestrial invasive non-native plants (INNP) repre-
sent over 300 of the established plant species in
Europe (Keller et al. 2011). INNP are often associated
with reductions in overall biodiversity (Barney et al.
2015), lower abundance of terrestrial primary con-
sumers (McCary et al. 2016) and disruption of above
and below-ground fungal communities (Pattison et al.
2016). Negative impacts on ecosystem services such
as pollination and biomass production may also be
associated with INNP (Hulme et al. 2013), alongside
altered rates of erosion and water use compared to
their native counterparts (Pejchar and Mooney 2009).
Impacts on ecosystem services and biodiversity com-
prise some of the main criteria for listing a species as
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an invasive alien species (IAS) under EU regulation
No. 1143/2014, which covers the prevention, man-
agement and spread of IAS (European Union 2014).
INNP are also responsible for societal and economic
losses, particularly when they colonise and disrupt
agricultural land (Duncan et al. 2004), and often
require costly investment to manage and/or repair
ecological damage (such as flood damage following
INNP colonisation) (Zavaleta 2000). Societal reac-
tions to IAS may also depend on visible effects of
visible invaders (Simberloff et al. 2013), which may
hinder restoration efforts following colonisations by
less prominent IAS.
The case for managing INNP is often built on
evidence of their impacts, but such evidence can prove
contentious. Conflicting arguments highlight potential
benefits of INNP, such as use of Impatiens glandulif-
era (Himalayan balsam) by pollinators (Bartomeus
et al. 2010), or use of INNP biomass as feed for
livestock (Van Meerbeek et al. 2015), but also invoke
detrimental legacy effects of INNP introductions
(Iacarella et al. 2015; Corbin and D’Antonio 2017).
Naturally dynamic systems are particularly prone to
invasion by non-native species (Catford et al. 2012);
riparian habitats, characterised by fluvial disturbance
and exposed to waterborne transport of propagules, are
thus amenable to invasions (Lawson et al. 2015).
However, little is known about how invasion of
riparian habitats by INNP impacts their terrestrial
invertebrate communities.
Terrestrial invertebrates account for a large pro-
portion of the diversity found within riparian ecosys-
tems. They serve as indicators of environmental
conditions (Gerlach et al. 2013), perform various key
functions, including pollination of invasive and native
plant species (Bartomeus et al. 2010), and mediate the
transfer of energy between aquatic and terrestrial food
webs (Gustafsson et al. 2014; Ramey and Richardson
2017). Riparian vegetation may significantly alter the
allochthonous subsidy provided by terrestrial inverte-
brates (Allan et al. 2003), affecting the energy
resources available to fish (Bridcut 2000; Baxter
et al. 2005). However, terrestrial invertebrate com-
munities are also influenced by other anthropogenic
and environmental pressures, including land-use
(Newbold et al. 2015), river discharge (Sinnadurai
et al. 2016) and shading (Feld et al. 2018). These
pressures may be further exacerbated by INNP, which
thereby alter the structure and functioning of the
ecosystems they invade (Ehrenfeld 2010). Gerber
et al. (2008) demonstrated that riparian habitats
invaded by Fallopia species harboured a reduced
abundance and morphospecies richness of terrestrial
invertebrates, whilst Ruckli et al. (2013) showed that I.
glandulifera supported a higher abundance and
species richness of gastropods compared to uninvaded
plots. A range of responses by flower-visiting insect
communities at sites colonised by INNP were demon-
strated by Davis et al. (2018), including higher insect
diversity associated with I. glandulifera and lower
abundance of solitary bees and hoverflies associated
with Heracleum mantegazzianum (giant hogweed).
Riparian zones support a disproportionately high
species diversity (Gerber et al. 2008) and thus offer
suitable habitats for studying the effects of INNP on
invertebrate communities, especially as the structural
complexity afforded by plant communities is an
important mediator of predator–prey dynamics (Grut-
ters et al. 2015). Fallopia japonica (Japanese knot-
weed) and I. glandulifera are two of the INNP species
most commonly associated with riparian habitats in
the northern hemisphere, the former being listed
among the world’s 100 worst invasive alien species
(Lowe et al. 2000). Impatiens glandulifera was first
introduced from the Himalayas in the early 1800s
(Perrins et al. 1993), and has subsequently become one
of the most widespread invasive plants in the UK
(Pattison et al. 2016) due to its ability to thrive in
disturbed environments (Greenwood and Kuhn 2015;
Greenwood et al. 2018). As an annual plant, I.
glandulifera can affect riparian vegetation composi-
tion by displacing native ruderal species (Tanner et al.
2013), which combined with fluvial disturbance
makes I. glandulifera a common and successful
invader of riparian systems (Cˇuda et al. 2017). Native
plant species are displaced via direct competition for
resources, such as water and light, though displace-
ment may also extend to competition for pollinators
(Thijs et al. 2011). The invasive success of I.
glandulifera is due to a combination of tolerance for
a wide range of climates and soils (Chittka and
Schurkens 2001), and an explosive seed dispersal
system, which facilitates its spread throughout river
corridors. Fallopia japonica is an herbaceous, peren-
nial plant native to China, Japan, Korea and Taiwan,
but which is now widely established in Europe
following its introduction in the early nineteenth
century (Beerling et al. 1994). It can recruit via several
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modes, including clonal, rhizomatous growth (Aguil-
era et al. 2009), and quickly forms monocultures,
particularly in disturbed habitats. However, F. japon-
ica is also able to spread via a seed bank, and can over-
winter without any negative impact on germination
success the following spring (Gowton et al. 2016).
Similarly to I. glandulifera, F. japonica displaces
native vegetation, thereby altering the composition of
riparian plant communities, with consequences for
aquatic and terrestrial invertebrates. Alongside normal
modes of competition (e.g. shading, monopolisation of
nutrients), F. japonica also excludes native plants via
allelopathy (Siemens and Blossey 2007; Murrell et al.
2011).
INNP can impact native biota through a variety of
different mechanisms (Vila et al. 2011) and to varying
degrees depending on the taxonomic level studied
(Pysek et al. 2012). The diversity of terrestrial
invertebrate species and their functional significance
makes them an excellent group for assessing the
impacts of INNP in riparian systems. The aim of this
study was to compare the effects of F. japonica and I.
glandulifera on terrestrial invertebrate community
composition, evaluating the relative effects of these
two INNP species against those of other environmen-
tal factors, such as soil organic content and native
plant community structure.
Methods
Study sites
Sites were located on low (1st to 4th) order streams in
catchments across central and southern Scotland
(Online Resource 1), providing a range of geograph-
ically and environmentally varied sampling locations
(Online Resource 2). On each stream, a pair of control
sites were located upstream from a pair of invaded
sites containing established stands of either F. japon-
ica or I. glandulifera, the sites in each control or
invaded pair being separated by an average of
0.35 km. Control sites were located on average
between 0.6 and 2.9 km upstream from invaded sites,
and sites were chosen where the focal INNPs had been
established for at least a 10 year period. There were 20
study sites in total; four invaded by F. japonica and six
invaded by I. glandulifera, and the two INNP species
did not co-occur at any study sites. Sites were limited
by the size of INNP stands present, and as such were
standardised to a 20 m length of bank. Invaded sites
were identified provisionally on the criteria that INNP
coverage exceeded 50% of the vegetation cover on at
least one bank, whilst other characteristics should as
far as possible match those of upstream uninvaded
sites (Sax et al. 2005). However in practice, INNP
coverage fell below this threshold at some study sites.
Terrestrial invertebrate sampling and processing
Terrestrial invertebrates were collected using pitfall
traps, each comprising a 500 ml plastic pot (10 cm
diameter) with a screw-top lid. To reduce the risk of
flooding, four drainage holes were added near the top
of the trap, and a ceramic tile was placed over the top
of each trap, acting as a rain shelter and allowing a
small vertical gap between the trap and the tile for
invertebrate access (Online Resource 4). To avoid
catching non-target fauna, an 85 mm diameter hole
was cut from the trap lid and replaced with heavy-duty
garden mesh (mesh size 13 mm). Traps were installed
3 weeks prior to the first proposed sampling session to
minimise digging-in effects (Schirmel et al. 2010). At
each site, 12 traps were installed at 75 cm intervals
along a linear transect running parallel to the river and
located in the middle of an invasive stand at invaded
sites. Traps were installed approximately between 1
and 2 m horizontally from the water’s edge (i.e. above
the bankfull level) to minimise the risk of inundation
by flood water. As traps were left collecting for 1-week
periods, antifreeze (approximately 60 mm of 25%
ethylene glycol) was used as a killing agent. Longer
periods of trap exposure were rejected to reduce the
risk of reduced trap catchability caused by evaporation
of preservative (Schirmel et al. 2010). Sites were then
sampled for 1 week during each of June and August to
allow changes in invertebrate composition to be
assessed in response to the summer peak of INNP
growth. Upon collection, trap contents were preserved
in the field with 70% industrial methylated spirits and
invertebrates were thereafter assigned to morphos-
pecies (Ba´ldi 2003; Krell 2004) using light micro-
scopy (up to 9 64 magnification). Parataxonomy and
the use of morphospecies classifications was preferred
to achieve accurate comprehensive estimates of
terrestrial invertebrate diversity, whilst also minimis-
ing the risk of skewed estimates of individual abun-
dance caused by errors in taxonomic identification
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(Oliver and Beattie 1996). Terrestrial invertebrate
keys were used to guide the assignment of morpho-
types (Chinery 1993; Tilling 2014), and guidance from
experts was sought for the most commonly recorded
groups (Diptera and Coleoptera) to ensure individuals
were correctly partitioned into morphotypes.
Physico-chemical variables
Land use at each site was categorised at scales of both
5 m and 50 m from the water’s edge based on a visual
assessment and aerial photographs accessed via
Google Earth, to give an estimate of the proportion
of natural and artificial land use (as defined in the
River Habitat Survey (Raven et al. 1998)). Site
orientation (recorded as degrees from north) and site
elevation were also obtained from Google Earth, and
the total number of trees at each study site exceeding
5 m in height (henceforth tree density) was recorded in
the field as a proxy for channel shading caused
specifically by riparian tree cover.
Five soil cores (6 cm depth, 4 cm diameter) were
taken at each site, spread equidistantly along the pitfall
trap transect. Loss on ignition (LOI) was used to
measure soil organic matter content (Heiri et al. 2001).
Soil samples were aggregated and air dried at 100 C
overnight in a furnace, ground using a pestle and
mortar, and passed through a 2 mm sieve. They were
then heated at 550 C overnight to combust organic
matter. Soil organic content was then defined as the
change in mass before and after burning.
To quantify INNP cover, vegetation surveys were
conducted during August to coincide with peak
growing season. Using three transects running per-
pendicular to the channel, three 1 m2 quadrats were
placed equidistantly on each transect between the foot
and top of the bank containing pitfall traps, giving a
total of nine quadrats on the bank (at seven sites it was
not possible to place the full nine quadrats due to the
narrowness of the riparian zone). The cover of all
plants was estimated visually in each quadrat, the
percentage covers of F. japonica and I. glandulifera in
each quadrat were averaged separately over the bank
containing the pitfall traps to provide an estimate of
the cover of each INNP. Plants recorded in the
vegetation surveys were identified to species with
the aid of taxonomic keys (Rose and O’Reilly 2006;
Poland and Clement 2009).
Invertebrate indices
Terrestrial invertebrate community morphospecies
diversity was expressed using both the sample level
alpha and site level gamma diversity, based on the full
complement of morphospecies in each pitfall trap and
at each site respectively. Total invertebrate abundance
per pitfall trap was also calculated for each weekly
sampling period.
The Bray–Curtis dissimilarity index was used to
express spatial dissimilarity in terrestrial invertebrate
communities, giving a measure of turnover between
individual pitfall traps at a given site, based on
morphospecies composition. To assess spatial dissim-
ilarity, a series of pairwise Bray–Curtis dissimilarities
was generated for each site for a given samplingmonth
(comparing the first sample to each of the rest, then the
second to the rest, etc.). The average value for each of
these pairwise comparisons was calculated and used as
a measure of dissimilarity between a specific sample
and the remaining population of samples from that
site. Higher values indicated greater turnover in
composition between samples. Given that distance
between pitfall traps affects the capture rates of
ground-dwelling arthropods (Zhao et al. 2013), pair-
wise Bray–Curtis dissimilarities were weighted based
on distances between pairs of traps.
Plant community indices
Plant community richness (excluding F. japonica and
I. glandulifera) was expressed using Shannon’s
diversity index. Plant cover estimates were standard-
ised to account for the number of quadrats sampled at
each site.
Additionally, Ellenberg’s indicator scores (Ellen-
berg 1986) were used to express the ecological
attributes of the native plant community. Ellenberg’s
indicator scores are values assigned to vascular plant
species for a range of environmental conditions
including moisture, soil reaction and light regime
(Schaffers and Sy´kora 2000), which can be used to
infer conditions at a site based upon the composition of
the plant community.
Statistical analysis
Linear mixed effects models (LMMs) were used to
investigate drivers of variation in the selected
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invertebrate metrics (response variables: Invertebrate
morphospecies diversity based on Simpson’s index,
invertebrate spatial dissimilarity based on Bray–Cur-
tis, total invertebrate abundance and invertebrate
morphospecies gamma diversity). The finalised list
of predictors was refined based on preliminary anal-
ysis—predictors were checked for collinearity after
Zuur et al. (2010), model responses were assessed for
normality, and normality of the model residuals was
checked using normal probability plots. Final predic-
tors included F. japonica cover, I. glandulifera cover,
site elevation, mean Ellenberg indicator values for
light (Ell-Light) and moisture (Ell-Moisture), tree
density, percentage natural land use at the 50 m scale,
soil organic matter content and native vegetation
diversity using Shannon’s index. River identity was
treated as a random effect, and models were run using
a nested random effect of study site within river (Zuur
et al. 2009). However, since this nested component
accounted for\ 10% of the variation it was removed
from the model following rules of parsimony, leaving
only river as a random effect in the final models.
Residuals were checked for normality and
heteroscedasticity (Zuur et al. 2010).
To test for an effect of sampling month, each model
was run with month as a fixed effect. If this model
output showed evidence of a significant month effect
(p\ 0.05), sampling month was then included as an
interaction term to determine whether predictors had
month-dependent effects. However, there was no
evidence of any temporal dependency in the measured
responses. Prior to modelling, predictors were scaled
to one standard deviation to allow their effect sizes to
be directly compared. All possible combinations of
predictors were identified using the ‘‘dredge’’ function
in MuMIn (Barton 2017). Models were then ranked by
corrected Akaike information criterion (AICc) to
account for small sample sizes. To identify the top
set of models, a threshold of DAICc\ 2 was set
(Burnham and Anderson 2002). From this top set, a
fully averaged model was chosen for interpretation of
coefficients (Barton 2017). To assess variation
explained solely by the fixed effects, as well as
variation explained by both the fixed and random
effects together, both marginal and conditional R2
values are reported for each model (Nakagawa et al.
2013).
Morphospecies characteristic of invaded and unin-
vaded sites were identified using indicator species
analysis (IndVal; Dufreˆne and Legendre 1997) applied
to the morphospecies abundance data at the individual
trap level for all pairs of invaded and uninvaded sites.
The indicator value assesses the specificity and fidelity
of terrestrial morphospecies for invaded and unin-
vaded sites. The index ranges from 0% (no presence in
a survey group), to 100% (present in only one group,
and in all samples within that group). The significance
of these values was tested using a Monte Carlo
randomisation procedure (Dufreˆne and Legendre
1997).
All statistical analyses were conducted using R
3.4.3 (R Core Team 2017), with the additional
packages vegan (Oksanen et al. 2017), reshape2
(Wickham 2007), labdsv (Roberts 2016), lme4 (Bates
et al. 2015), lmerTest (Kuznetsova et al. 2016), effects
(Fox 2003), MuMIn (Barton 2017) and r2glmm
(Jaeger 2017).
Results
Across all study sites, individual pitfall traps contained
an average of 100 individuals, representing an average
of 11 morphospecies per trap and 32 morphospecies
per site. The most common taxonomic groupings (by
abundance) were Acari (25%) and Coleoptera (24%),
followed by Diptera (13%) and Collembola (12%).
The remaining individuals comprised a mix of winged
individuals such as Hemiptera and Hymenoptera, the
lower catch rate of these taxa being typical of pitfall
trapping studies (Schirmel et al. 2010).
The top set of models (Online Resource 3) with
DAICc\ 2 are shown in Table 1. The relative
variable importance, marginal (R2m) and conditional
(R2c) values are also shown (Table 1).
Invertebrate morphospecies Simpson’s diversity
Terrestrial invertebrate morphospecies diversity was
negatively associated with the mean Ellenberg Indi-
cator value for light (Fig. 1a) and with the cover of
both INNP species (Figs. 1a and 2a). The largest effect
sizes were associated with F. japonica and I. glan-
dulifera cover, and these differed only marginally.
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Total invertebrate abundance
Total abundance of terrestrial invertebrates was neg-
atively associated with the mean Ellenberg Indicator
value for light (Fig. 1b) and with the cover of both
INNP (Figs. 1b and 2b). Impatiens glandulifera cover
had the largest effect size (- 18.36), marginally
exceeding that of F. japonica.
Invertebrate spatial dissimilarity
Terrestrial invertebrate spatial dissimilarity between
samples at a site was positively associated with the
mean Ellenberg Indicator value for light (Fig. 1c) and
with the cover of both INNP species (Figs. 1c and 2c).
Fallopia japonica cover had the strongest overall
effect (0.02).
Invertebrate morphospecies gamma diversity
Overall, gamma diversity of terrestrial invertebrates
was positively associated with soil organic content and
the mean Ellenberg Indicator value for moisture
(Fig. 1d) and negatively associated with I. glandulif-
era cover (Figs. 1d and 2d). Impatiens glandulifera
cover had the greatest overall effect (- 0.07), fol-
lowed by the mean Ellenberg Indicator value for
moisture (0.05). Fallopia japonica had no
detectable effect and there was no evidence of any
temporal dependency in the response.
Indicator species
A larger number of terrestrial invertebrate morphos-
pecies were significantly associated with uninvaded
sites compared to invaded sites (Table 2). Twenty
invertebrate morphospecies were significantly associ-
ated with uninvaded sites, compared to eight at
invaded sites. The strongest indicators of sites invaded
by both I. glandulifera and F. japonica were mor-
phospecies belonging to the Acari. Uninvaded sites
were strongly characterised by members of the
Coleoptera and Diptera, alongside other morphos-
pecies of the Acari subclass.
Discussion
Invertebrate morphospecies Simpson’s diversity
and abundance
Our results indicate that the focal INNP species
reduced the diversity and abundance of terrestrial
invertebrates at heavily invaded sites. These findings
offer support for similar studies reporting reductions in
abundance and taxonomic richness in response to
INNP (Gerber et al. 2008; Litt et al. 2014). Invasions
by INNP can disrupt linkages between above and
below-ground communities via changes to soil chem-
istry (Weidenhamer and Callaway 2010) and to
resources entering the soil (Tanner et al. 2013). Lower
community functional diversity and redundancy asso-
ciated with INNP (Kominoski et al. 2013) can alter
both the chemical composition and range of
Table 1 The best, fully-averaged models for models with DAICc\ 2. Relative variable importance is given in brackets, followed
by marginal (R2m) and conditional (R2c) values
Response Model parameters R2m R2c
Simpson’s
diversity
I. glandulifera cover (1) ? F. japonica cover (1) ? Ell-Light (1) ? native plant diversity
(0.40) ? tree density (0.21) ? soil organic content (0.13) ? Ell-Moisture (0.11) ? natural land
use at 50 m (0.09)
0.17 0.31
Total
abundance
I. glandulifera cover (1) ? F. japonica cover (1) ? Ell-Light (1) ? native plant diversity
(0.49) ? soil organic content (0.38) ? month (0.36) ? site elevation (0.22) ? tree density (0.06)
0.23 0.34
Spatial
dissimilarity
I. glandulifera cover (1) ? F. japonica cover (1) ? Ell-Light (1) ? soil organic content
(0.66) ? month (0.63) ? tree density (0.49) ? Ell-Moisture (0.49) ? native plant diversity
(0.12) ? natural land use at 50 m (0.08)
0.17 0.17
Gamma
diversity
I. glandulifera cover (1) ? Ell-Moisture (1) ? soil organic content (1) ? F. japonica cover
(0.28) ? tree density (0.23)
0.39 0.50
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degradability of leaf litter, eliciting negative responses
in both above and below-ground invertebrate commu-
nities through poorer microhabitat structure and
persistence (Scherber et al. 2010; Lecerf et al. 2011).
In our study, both F. japonica cover and I. glandulifera
cover showed strong negative associations with
Simpson’s invertebrate diversity and total invertebrate
abundance compared to other environmental
variables, in both sampling months. This supports
the ability of INNP to impose structural changes on
riparian habitats during their period of peak biomass
(Pattison et al. 2017; Greenwood et al. 2018), as well
as during the preceding months when INNP stands are
developing.
Loss of native plant species from invaded sites may
deplete invertebrate assemblages that specialise on
Fig. 1 Full, model-averaged parameter estimates ± 95% con-
fidence intervals. Modelled responses were a Simpson’s inver-
tebrate diversity, b total invertebrate abundance, c spatial
dissimilarity and d invertebrate gamma diversity. Marginal
(R2m) and conditional (R2c) values are given
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those plants or their architectural properties, causing
an overall reduction in the diversity and abundance of
invertebrate morphospecies (Reid and Hochuli 2007).
In the absence of significant relationships between
physico-chemical variables and terrestrial inverte-
brates, it is likely that the main factors driving
invertebrate diversity and abundance are indeed
reductions in habitat complexity and resource avail-
ability, caused by either F. japonica or I. glandulifera.
Both invertebrate morphospecies diversity and
abundance were negatively associated with Ell-Light,
implying either that plants preferring higher light
levels support a smaller number of fewer invertebrate
morphospecies, or that invertebrates generally prefer
more shaded conditions. A relatively open canopy
Fig. 2 Full model predicted values (shaded polygon shows ±
95% confidence intervals) plotted over raw data from the LMM
analyses of a Simpson’s invertebrate diversity, b total
invertebrate abundance, c spatial dissimilarity and d invertebrate
gamma diversity, all plotted against invasive plant cover
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providing minimal shade at the ground level would
offer relatively little shelter for invertebrates that
favour a dense, structurally complex habitat (Warfe
and Barmuta 2004), and could reduce the abundance
of terrestrial arthropods that favour shaded habitats
(Greenberg et al. 2000).
Invertebrate spatial dissimilarity
Terrestrial invertebrate community composition was
more dissimilar at heavily invaded sites for both F.
japonica and I. glandulifera, suggesting that more
heterogeneous invertebrate communities are associ-
ated with high levels of invasive cover. It is possible
that INNP will benefit some invertebrate consumers,
as some non-native invasive plants (including F.
japonica (Lecerf et al. 2007)) contain higher foliar
concentrations of nitrogen and phosphorus, as well as
offering larger leaf area ratios, offering higher quality
litter and greater microhabitat surface area than their
native counterparts (Wardle et al. 2011). This is
supported by the association of the saprophagous
Fanniidae and Mycetophilidae families (Diptera (l) E
and Diptera (l) G in Table 2, respectively) of Diptera
larvae with invaded sites, indicating the presence of
abundant decaying plant material. However, the
negative associations between INNP cover and inver-
tebrate diversity and abundance suggest that although
both F. japonica cover and I. glandulifera were
associated with a more heterogeneous fauna, this is at
the expense of invertebrate diversity and abundance
overall.
Table 2 Significant
indicator morphospecies
((l) indicates a larval stage)
for invaded and uninvaded
sites (invaded sites split by
Impatiens glandulifera and
Fallopia japonica)
Observed Indicator Value
shows the indicator value
for each species (0 = no
fidelity or specificity;
100 = complete fidelity and
specificity). Asterisks
indicate the probability of
that Indicator Value
occurring by chance based
on permutation tests
(***\ 0.001, **\ 0.01,
*\ 0.05)
Site type Morphospecies Observed indicator value
Invaded by I. glandulifera Acari B** 31.7
Oligochaeta** 16.7
Coleoptera (l) K* 6.8
Chilopoda** 4.6
Diptera (l) E* 4.6
Gastropoda C* 2.7
Invaded by F. japonica Acari E*** 40.2
Diptera (l) G* 5.8
Uninvaded Collembola*** 38.2
Diptera C*** 38.2
Coleoptera A*** 35.9
Acari D* 25.5
Opiliones** 24.5
Araneae A* 24.3
Coleoptera E** 23.6
Coleoptera (l) G*** 21.1
Acari A** 20.4
Coleoptera F*** 20.1
Hymenoptera D* 14.7
Acari C* 14.5
Isopoda* 11.2
Coleoptera B** 11.0
Coleoptera S* 8.9
Hymenoptera E** 8.2
Acari G* 6.9
Diptera Q** 5.9
Hemiptera C* 5.0
Diptera D* 2.9
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Spatial dissimilarity within biological assemblages
is often considered a desirable attribute (Swan and
Brown 2017). However, such dissimilarity can also be
an artefact of reduced morphospecies abundance and
diversity. For example, if those invertebrates remain-
ing in heavily invaded areas are patchily distributed,
this will generate spatially heterogeneous but impov-
erished communities, as indicated by a reduction in the
number of morphospecies associated with invaded
sites in this study. This could suggest that increased
heterogeneity between individual traps may arise sue
to a loss of morphospecies, but this was not directly
tested in this study. It is also possible that heterogene-
ity in variation at the individual trap scale at sites with
lower INNP cover may directly affect invertebrate
diversity, though this was not tested by this study.
Invertebrate community composition was also
more dissimilar at sites with plant communities
associated with higher light levels. Given that higher
densities and diversity of invertebrates were associ-
ated with plants indicative of more shaded conditions,
it is likely that the increased heterogeneity of assem-
blages in well-lit environments is also an artefact of
the reduced richness and abundance of invertebrates,
suggesting that sites with lower Ell-Light values
support shade-tolerant plant species, which may offer
invertebrates better quality habitat and resources.
Invertebrate morphospecies gamma diversity
Impatiens glandulifera cover showed a strong nega-
tive association with site level gamma diversity of
terrestrial invertebrates. By contrast, the effect of F.
japonica cover was not significant. There were
positive associations between Ell-Moisture and soil
organic content and invertebrate gamma diversity, but
the large negative effect size of I. glandulifera
outweighed any positive effects of environmental
variables at the site scale.
INNP can alter ecosystem structure and functioning
through changes to the local microclimate, resulting in
changes to food resources and the structure of
terrestrial invertebrate communities (Kappes et al.
2007). This would be reflected by an overall change in
diversity at the site level, as a heavily invaded riparian
zone would likely support a greatly altered terrestrial
invertebrate community (Pysek et al. 2012). This is
supported in part by the reduced number of indicator
morphospecies associated with both I. glandulifera
and F. japonica invaded sites, compared to uninvaded
sites, indicating changes in morphospecies community
composition. More morphospecies were indicative of
sites invaded by I. glandulifera than F. japonica,
suggesting that environmental conditions at F. japon-
ica sites are more prohibitive to invertebrates. The
morphospecies most indicative of uninvaded sites
included Collembola and taxa from the Dipteran
Phoridae family (Diptera C in Table 2) and Coleop-
teran Staphylinidae family (Coleoptera A in Table 2).
Since beetles of these families favour decaying
organic matter, this supports the suggestion that
increased litter diversity fosters invertebrate diversity
(Scherber et al. 2010; Lecerf et al. 2011). Acari were
most strongly indicative of both types of invaded sites,
which is unsurprising given their generalist tendencies
and reputation for colonising most aquatic and terres-
trial habitats by exploiting a wide range of resources
(Vacante 2016). Positive associations were found
between Ell-Moisture, soil organic content and inver-
tebrate gamma diversity. Members of the Collembola,
Oligochaeta and Diptera have all been shown to
decline in abundance with reduced soil moisture
(Hodkinson and Jackson 2005), while Santorufo
et al. (2012) found that invertebrates were more
abundant and diverse in soils with higher organic
content and moisture.
Whilst the use of morphospecies in place of species
level identification is well reported and defended
(Oliver and Beattie 1996; Krell 2004), it would be
valuable to incorporate measures of resource utilisa-
tion, foraging styles and microhabitat use (Ramey and
Richardson 2017) into future studies to better under-
stand the interactions between invertebrate taxa in
riparian systems and to identify why some taxa are
more sensitive to invasion. For example, taxon-
specific reactions have been demonstrated in response
to I. glandulifera invasion, which is able to modify the
local microclimate, increasing local soil moisture and
temperature, thereby promoting an increase in the
abundance and diversity of gastropods (Ruckli et al.
2013) and Acari (Rusterholz et al. 2014). This study
took place during the most active phase of the growing
season when INNP are at their maximum extent and it
would be valuable to determine if the observed effects
are perpetuated after dieback. However, the unpre-
dictability of river water levels due to flooding will
constrain the effectiveness of pitfall trapping during
autumn and winter.
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Conclusions
Overall, INNPwere associated with reduced terrestrial
invertebrate morphospecies abundance and both alpha
(sample level) and gamma (site level) diversity. This
indicates that their association with increased spatial
dissimilarity in assemblages is unlikely to be benefi-
cial, and the relationship between morphospecies
richness and spatial dissimilarity may merit further
investigation. INNP species had a stronger effect than
local environmental conditions, demonstrating their
ability to influence the ecosystems they invade, with
impacts extending beyond the immediate plant com-
munity. It is evident that INNP can have measurable
and significant impacts on these communities, which
may ultimately affect energy transfer and other
linkages between terrestrial and aquatic systems
across a range of trophic levels.
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